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Abstract

In a multilake experiment, we found little effect of nutrient excretion by zooplanktivorous fish, but a large effect
of herbivorous zooplankton, on phytoplankton biomass and phosphorus (P) limitation. Whole-lake removal of fish
from small apine lakes resulted in little change in phytoplankton biomass or the intensity of P limitation during
1-6 postremoval years, over which herbivorous zooplankton did not change. In contrast, significant decreases in
phytoplankton biomass and the intensity of phytoplankton P limitation were observed after Daphnia became rees-
tablished. Fish removal also caused large increases in the biomass of benthic macroinvertebrates, but the timing of
these increases suggested that P recycling by the benthos did not confound our attempt to measure the effects of P
recycling by fish. Estimates of the amount of P recycled by fish and zooplankton and estimates of P demand by
the phytoplankton also supported the conclusion that fish recycling was not a major source of P to the phytoplankton
in these lakes. Relative to Daphnia grazing, fish recycling of P appears to be relatively unimportant as a driver of

trophic cascades in these alpine lakes.

The cascading response of phytoplankton biomass to fish
manipulation in lakes represents a major piece of evidence
in support of food-web theory (Strong 1992; Brett and Gold-
man 1996; Shurin et a. 2002), but uncertainty remains with
respect to the mechanisms driving the phytoplankton re-
sponse to fish removal. It has been commonly assumed that
the decrease in phytoplankton biomass after zooplanktivo-
rous fish removal results from an increase in grazing pres-
sure from herbivorous zooplankton (Vanni and Layne 1997).
However, there is also evidence to suggest that a reduction
in the supply of inorganic nutrients, as a result of the loss
of fish excretion, may be at least partly responsible for the
decrease in phytoplankton (Carpenter et al. 1992; Schindler
1992; Vanni and Layne 1997). Although experimental evi-
dence supports the role of nutrient excretion by fish, Kalff
(2002) has noted, ‘“Whether the cause (of reduced phyto-
plankton) is reduced fish predation on the zooplankton, as
generaly believed, or is at least in part attributable to a re-
duction in nutrient recycling by fish, is not well resolved.”

Evidence for the role of nutrient recycling by fish derives
from two types of studies (Vanni 2002). The first calculates
the total nutrient recycling rate of fish populations and com-
pares this to other sources of nutrient supply or to total nu-
trient uptake rate by phytoplankton. The conclusions of such
studies are mixed with respect to whether recycling by zoo-
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planktivorous fish is a magjor nutrient source for the phyto-
plankton (Nakashima and Leggett 1980; Carpenter et al.
1992; Schindler et al. 1993). At best, these studies provide
only indirect evidence for the role of fish recycling in the
trophic cascade response, because it is not a simple matter
to translate calculated changes in nutrient supply into esti-
mates of long-term change in total phytoplankton biomass
after fish manipulation, the primary currency of trophic cas-
cade studies (Brett and Goldman 1996).

Alternatively, a few studies have experimentaly isolated
the influence of nutrient recycling by fish from that of zoo-
plankton grazing by using mesocosms or in situ enclosures,
accomplishing this by caging either the fish or the phytoplank-
ton away from the zooplankton (Schindler 1992; Vanni and
Layne 1997; Attayde and Hansson 2001). These studies tend
to support the view that nutrient recycling by fish is an im-
portant mechanism driving the response of phytoplankton bio-
mass to fish manipulation. Ideally, enclosure/mesocosm re-
sults should be compared to manipulations at the whole-lake
scale to rule out enclosure artifacts (Mazumder et a. 1990;
Carpenter 1996), but the experimental separation of zooplank-
ton grazing effects from the effects of nutrient recycling by
fish seems logistically impossible at the whole-lake scale. In
previous whole-lake fish manipulations, changes in zooplank-
ton biomass and composition have typically been large and
immediate (i.e., within a single growth season) after fish ma-
nipulation (Carpenter et al. 1987). Consequently, the con-
founded mechanisms of recycling and grazing have not been
separated at the whole-lake scale.

A unique opportunity to disentangle the effects of fish
removal from the effects of changes in zooplankton biomass
and composition at the whole-lake scale arose in the context
of a multilake fish manipulation study. We compared the
dynamics of phytoplankton biomass and phosphorus (P) lim-
itation before and after complete fish removal in two exper-
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Table 1. Limnological characteristics of the experimental and control lakes averaged over all years. Temperatures are means of reading
taken at 1m depth every 30 min from 11 July—31 August. TP concentrations are means for the ice-free period. Phytoplankton productivity

was measured twice per year in August and September.

Mean (max) Surface area Temperature Productivity
Lake Elevation (m) depth (m) (km2) (°C) TP (mg m—3) (mg C m=3d?)

Experimental |akes

Knob 3,358 1.8 (5.5) 0.034 14.4 8.3 33

Square 3,443 1.9 (3.5) 0.017 14.7 7.3 13

No Good 3,516 1.9 (5.0) 0.017 13.2 5.7 17
Control lakes

Lower Desolation 3,413 1.7 (5.0 0.131 14.0 6.6 27

Mesa 3,437 3.0 (6.0) 0.112 13.7 6.2 18

imental alpine lakes (Knob Lake, No Good Lake), relative
to two unmanipulated control lakes (Mesa Lake, Lower Des-
olation Lake). There was no immediate increase in zooplank-
ton biomass or shift in species composition after whole-lake
fish removal in the experimental lakes, so we assumed that
any immediate decrease in phytoplankton biomass that was
associated with an increase in the intensity of phytoplankton
P limitation would be attributable to the loss of P recycling
by fish. In afifth lake that reverted to a fishless condition at
the beginning of the study (Square Lake), the reestablish-
ment of a large Daphnia population after fish disappearance
was used to (1) estimate the effect of Daphnia herbivory on
phytoplankton biomass and P limitation in a fishless alpine
lake, and (2) compare Daphnia’s effect with that of nutrient
recycling by fish in the experimental lakes. The latter com-
parison was crucial because strong trophic cascades in lakes
are generadly restricted to systems in which Daphnia is abun-
dant in the fish-removal treatment (Leibold 1989).

Methods

Sudy sites—All five lakes were historically fishless and
are located in Humphrey’s Basin, John Muir Wilderness, Si-
erraNational Forest, California (Table 1). Lakes ranged from
33503520 m in elevation and 0.02-0.13 km? in area, and
are separated by 0.4-5.6 km (Sarnelle and Knapp 2004).
Across the five lakes, mean molar total nitrogen:total P
(TN :TP) and sestonic carbon (C) : P varied from 37-53 and
213-280, respectively. These ranges, coupled with high lev-
els of phosphatase activity in lake water (see Results), in-
dicated that phytoplankton production was likely P limited.

Before the start of the study, four of the five lakes (Knob,
Square, Mesa, Lower Desolation) contained populations of
golden trout (Oncorhynchus mykiss aquabonita) maintained
by natural reproduction and biennial stocking of fingerlings.
No Good Lake contained a brook trout population (Salveli-
nus fontinalis) maintained by natural reproduction (no stock-
ing). Stocking in Knob and Square Lakes was discontinued
after 1994 but continued in the control lakes (Mesa and
Lower Desolation) for the duration of the present study.

Experimental procedures—Whole-lake fish removals via
intensive gill-netting (Knapp and Matthews 1998) were ini-
tiated in Knob Lake and No Good Lake in late September
1997 and 2000, respectively. Fish removal in both lakes was

essentially complete before the start of the next summer. We
removed a total of 599 golden trout from Knob Lake and
485 brook trout from No Good Lake. All fish removed from
each lake were disposed of outside of each lake's watershed
to avoid fertilizing the lakes with P from decomposing fish
carcasses. We also initiated fish removal in Square Lake in
1997, but we collected only two fish despite intensive efforts
(trout were last stocked into Square Lake in 1994 and were
common in the lake when sampled in 1995, but they appar-
ently died out during 1995 and 1996). Thus, we considered
Square Lake to be fishless, with respect to any conceivable
impacts of nutrient recycling by fish, from 1997 onward.

Sampling—All the lakes were sampled for nutrients, phy-
toplankton, and zooplankton between 1996 and 2003 (except
for No Good Lake, which was sampled from 1999-2001)
two or three times per summer on the same seasonal sched-
ule. All planktonic samples were collected from a float tube
that slowly drifted over the deepest part of each lake. For
phytoplankton and nutrients, lake water was collected at a
depth of 2.5 m by using a closing bottle. Lake water was
transported in coolers to the laboratory for same-day deter-
minations of chlorophyll a (Chl a), productivity (as **C up-
take rate), and P limitation (as phosphatase enzyme activity).
Phytoplankton samples for microscope counting were pre-
served with Lugol’s in the field. Samples for TP and TN
concentrations in the water column were frozen on delivery
at the laboratory. Samples for particulate P and particulate
organic C were collected on Gelman A/E filters in the field
and were dried in the laboratory. Zooplankton were sampled
with vertical hauls of a 30-cm (diameter), 64-um mesh net.
Two replicate hauls were composited into each sample, and
two samples were collected on each date. One sample was
preserved in 95% ethanol for crustaceans, the other was pre-
served in 2% glutaraldehyde for rotifers.

Benthic macroinvertebrates were sampled twice per sum-
mer from the littoral zone of each lake by using a D-net with
amesh size of 0.5 mm (Knob and Square Lakes: 1996-2003;
Mesa and Lower Desolation Lakes: 1997—2003; No Good
Lake: 1999-2003). The goal of benthic sampling was to es-
timate the relative abundance of taxa that are typically con-
sumed by trout. These taxa tend to be epibenthic and con-
spicuous (Englund et al. 1999; Knapp et a. 2001), so the
sampling technique was deemed suitable. At each lake, we
made 15 standard sweeps, with a standard sweep being de-
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fined as a 1-m sweep in one direction followed immediately
by a 1-m sweep across the same area in the opposite direc-
tion. D-net sweeps followed bottom contours and sampled
epibenthic, water column, and surficial sediment habitats in
portions of each lake that were <1.2 m deep. All littoral
habitats along the north shore of each lake were sampled,
and each common habitat was sampled approximately in
proportion to its availability. Benthic macroinvertebrates
were separated from detritus and sediment in the field and
were preserved in 95% ethanol.

The number of amphibians at each water body was de-
termined by using visual encounter surveys (Crump and
Scott 1994) of the entire shoreline conducted once per sum-
mer. During the summer, tadpoles occur almost exclusively
in shallow water near shore and are easily detected even in
the deepest lakes by shoreline searches (Knapp 2005). At
each lake, we used electronic loggers to record water tem-
perature every 30 min at a depth of 1 m in the center of
each lake.

Sample analyses—Chl a was determined via fluorometric
measurement of ethanol-extracted pigment with acid correc-
tion (Nusch 1980). The fluorometer was calibrated against a
commercial Chl a standard (Anacystis). Phytoplankton were
counted via the inverted microscope technique (Sarnelle
1993). Across lakes and years, Chl a concentrations were
strongly correlated with phytoplankton biomass estimates
from microscope counts (r = 0.82, p < 0.00001, n = 41),
so Chl a was used as an index of total phytoplankton bio-
mass. Phosphatase activity, an index of P deficiency, was
determined via fluorometric measurement of the liberation
of methylumbelliferone in lake water by using saturating
levels of 4-methylumbelliferyl-PO;?3 as substrate (Pettersson
1980). Phosphatase activity was expressed on a Chl a—spe-
cific basis (nmol PO;3 released ug-Chl a-* h=1). We vali-
dated this measure of P limitation by comparing Chl a—spe-
cific phosphatase activities of Square Lake water incubated
in situ for 5 d with and without added PO, 3. Chl a—specific
phosphatase activity decreased after 5 d in the presence of
added PO; 3 (45% decrease, t-test, p < 0.01), indicating the
validity of the index in this study. Annual mean Chl a and
P limitation for each lake and year were calculated from two
samplings conducted between mid-August and early Sep-
tember. No Chl a or phosphatase data were obtained from
the lakes in 2002, because of instrument failure, or from No
Good Lake in 2003, because of budget limitations.

Phytoplankton primary productivity was measured in four
of the five lakes from 1997-2001, and in No Good Lake
from 1999-2001. Samples of lake water were incubated on
the day of collection in 75-mL glass jars under a 400-W
metal halide light source (Hill and Boston 1991) in a walk-
in incubator. Light levels were varied between 250 and 1500
umol photons m=2 s~ to mimic the range of typical midday
irradiances through the water column in the study lakes on
aclear midsummer day (wmol photons m=2s-: 0.5 m, 1500;
1.5 m, 1000; 2.5 m, 750; 3.5 m, 500; 4.5, 350; 5.5 m, 250).
Incubation temperature was maintained at 15 = 1°C, which
was representative of midday water temperatures in the study
lakes. Dark controls were incubated simultaneously. Samples
were acclimated under the light source for 1 h before adding
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isotope (~185 kBq of *C-labeled bicarbonate) and then in-
cubated for 4 h. Isotope addition increased the akalinity of
lake water by no more than 5%. Radioactivities of phyto-
plankton collected on Whatman GF/F filters, and radioactiv-
ities of lake water were measured via liquid scintillation
counting with quench correction. Productivity estimates
were corrected for dark *“C uptake and averaged across light
levels to estimate average productivity for the water column.
Hourly rates were multiplied by 10 to estimate daily pro-
ductivity rates (Thomas et a. 1991). Specific growth rates
(d1) of the phytoplankton were estimated from Chl a and
productivity measurements assuming a carbon: Chl a ratio
of 30 (Reinertsen et al. 1990).

Total and particulate P were analyzed via persulfate di-
gestion followed by ascorbic acid-molybdate colorimetry
(Murphy and Riley 1962; Menzel and Corwin 1965). Total
N was analyzed via second-derivative spectroscopy (Crump-
ton et a. 1992) by using a Perkin-Elmer Lambda 20 scan-
ning spectrophotometer. Particulate organic C was deter-
mined with a CHN anayzer (Control Equipment, model
240XA). P demand by the phytoplankton (ug P m=2 d-?%)
was estimated by dividing daily productivity rates (mg C
m~3 d—*) by phytoplankton C: P (Schindler et al. 1993; Shos-
tell and Bukaveckas 2004). In contrast to previous studies,
we estimated phytoplankton C:P by using field measure-
ments of sestonic C: P rather than applying the Redfield Ra-
tio. This method should result in relatively conservative es-
timates of P demand because C: P ratios in the lakes were
aways above Redfield.

Crustacean zooplankton were identified, counted, and
measured under a stereomicroscope at 40X. Rotifers were
generaly a negligible fraction of total zooplankton biomass
(percentage of total biomass across lakes and years: mean =
6%, SD = 11%) and so are not further considered in the
present study. Biomass (mg L) of the two dominant crus-
taceans, Leptodiaptomus signicauda and Daphnia midden-
dorffiana, was determined from densities and length distri-
butions by using length-dry mass regression equations for
the congeners L. siciloides and D. pulicaria in Zaca Lake,
California (Sarnelle 1999). Grazing mortalities (d-*) inflicted
by these two populations were estimated from densities and
length distributions by using a length-grazing rate regression
equation for L. siciloides in Zaca Lake (Sarnelle 1993) and
equation 2 of Knoechel and Holtby (1986). P excretion by
the entire zooplankton assemblage was estimated by multi-
plying total zooplankton biomass by a mass-specific P ex-
cretion rate taken from the literature. To be conservative, we
chose a low value (2.4 ug mg=* d-%) of mass-specific P
excretion rate from the review in Carrillo et a. (1996). An-
nual means for zooplankton biomass, grazing, and excretion
for each lake and year were based on three samples collected
in late July, mid-August, and late-August—early September
(one sample per date). Standard errors of these annual means
represent the combined influence of spatial and seasonal var-
iation. Total wet mass of benthic macroinvertebrates was de-
termined by weighing entire preserved samples.

To estimate P excretion rates by the fish populations in
each study lake, we first estimated fish biomass in each lake.
Fish biomass in Knob and No Good Lakes was determined
directly from the fish removal manipulation. All fish were
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removed and counted, so there was essentially no error in
the density determinations for these two lakes. All fish col-
lected during removals were measured, and at least the first
100 were weighed. Biomass (kg km=2) was then calculated
by using length-wet mass regression equations derived for
each lake. To estimate fish biomass in Square Lake and the
two control lakes, we set a single, variable mesh size gill
net in each lake for 8-12 h, and converted the resulting catch
per unit effort (CPUE) into fish density (No. km~2) using
the following equation: fish density = 55 + 8.8CPUE (R?
= 0.99, n = 3), taken from Schindler et a. (2001). Fish
density was multiplied by average weight of gill-netted fish
to estimate fish biomass. Fish biomass estimates for the con-
trol lakes were based on catches from gill-net sets conducted
in three separate years (Lower Desolation Lake: 1996, 1999,
2001; Mesa Lake: 1995, 2000, 2001), whereas that for
Square Lake was based on the catch from a single gill-net
set (1995). Although the latter three estimates were based
on gill-net sampling rather than counting and measuring ev-
ery fish, they were very similar in magnitude to the estimates
from Knob and No Good L akes, lakes of comparable depth,
elevation, and productivity in which sampling error was neg-
ligible.

P excretion by each fish population, E, (ug P m=3 d-?)
was estimated from fish biomass, B, (kg km=2), by using an
empirical relationship (E = 4.08 + 0.72B, R? = 0.74) that
was developed for trout in alpine lakes of the Sierra Nevada
(Schindler et a. 2001). The range of fish biomass in the
study lakes fell within the range of fish biomass in the em-
pirical relationship. Use of this relationship assumes that
trout size distributions in the study lakes were similar to
those in the lakes from which the equation was derived, be-
cause P excretion rates of fish vary allometricaly (Post
1990; Kraft 1992). Trout in the study lakes (mean length =
203 mm) were somewhat larger than were trout in the lakes
from which the relationship was derived (mean length = 186
mm). Our use of a relationship based on smaller fish should
result in overestimates of P excretion by fish in the study
lakes, given that mass-specific excretion rates are greater for
smaller fish (Post 1990; Kraft 1992). Standard errors for P
excretion rates of fish populations were calculated by using
the delta method (Seber 1982) as. V2, + 382, where 2,
is the variance of E values predicted from the regression of
E on B (Sokal and Rohlf 1981), sZ is the variance of fish
biomass estimates (based on multiple gill-net samplings in
the control lakes) and B is the slope of the regression of E
on B (0.72). For Knob and No Good Lakes, sz was essen-
tially zero because all fish were counted and measured; for
Square Lake, we assumed that sz was equal to that for Lower
Desolation Lake (13.7 kg km~2), the control lake with the
higher sampling variance.

Satistical analysis—To assess the separate influences of
fish removal and Daphnia reestablishment on phytoplankton
biomass and P limitation, we adjusted values of each re-
sponse variable in the experimental lakes for temporal dy-
namics in the control_lakes (Schmitt and Osenberg 1996) by
calculating the ratio X./X,, where X, is the annual mean for
an experimental lake and X, is the average of the annual
means of the two control lakes. We also ran a parallel set of
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statistical analyses on arithmetic differences between exper-
imental and control means, but these analyses led to exactly
the same conclusions as the analyses based on ratios. We
present ratios in the present study. The statistical significance
of temporal changes in adjusted means in response to fish
removal or Daphnia reestablishment was assessed via two-
tailed t-tests that allowed for unequal variances. In these
tests, years were considered replicate observations. Log
transformation tended to increase heterogeneity of variances
in some cases and so was not applied in these tests. If P
recycling by fish is an important mechanism driving the cas-
cading response of phytoplankton biomass to fish removal,
we would expect a significant decrease in phytoplankton bio-
mass, coupled with a significant increase in the severity of
P limitation, beginning immediately after fish removal (i.e.,
during the summer after fish removal), in the absence of any
increase in zooplankton biomass or grazing pressure.

Results

Mean water temperatures from 11 July-1 August were
strongly correlated among the five lakes, with 1998 as an
unusually cold year (Fig. 1). Large interannual variation in
water temperatures between 1997 and 2000 coincided with
both the fish-removal treatment in Knob Lake and the re-
establishment of Daphnia in Square Lake. In the control
lakes across al years, water temperature had a strong posi-
tive influence on Chl a concentration (linear regression, p <
0.001; Fig. 1) but no influence on Chl a—specific phosphatase
activity (linear regression, p > 0.50). Given the potential for
strong climatic effects on phytoplankton in these and other
apine lakes (Goldman et al. 1989; Sickman and Melack
1992), adjusting responses in the experimental lakes for
changes in the control lakes was crucial.

The dominant zooplankter in all study lakes when fish
were present was L. signicauda, a species that, on average,
made up 93% of total zooplankton biomass across lakes
when fish were present. This small herbivorous copepod
commonly coexists with introduced trout in Sierra Nevada
lakes (Knapp et al. 2001) and was only rarely found in the
stomachs of trout sampled from our study lakes. In Knob
Lake, there was no change in the adjusted biomass (exper-
imental/control) of L. signicauda in response to fish removal,
and although Daphnia (D. middendorffiana) reappeared in
2002, it remained rare in 2002 and 2003 (Fig. 2). Conse-
quently, any changes in phytoplankton biomass and P limi-
tation between fish (1996-1997) and no-fish (1998-2003)
periods should constitute a response to the loss of P recy-
cling by fish.

There were no significant differencesin adjusted Chl a or
phosphatase activity in Knob Lake between fish and no fish
periods (Figs. 3, 4), suggesting that there was little or no
effect of the complete elimination of P recycling by fish. In
this particular case, adjusting responses in the experimental
system for dynamics in the controls was immaterial because
the same general lack of response was apparent in both the
raw and the adjusted data (Figs. 3, 4). The results from the
second fish-removal lake, No Good Lake, were similar to
those in Knob Lake. There was little change in adjusted Chl
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Fig. 1. Average annual water temperature at 1-m depth between
11 July and 31 August in the five study lakes (upper panel), and
the influence of average annual water temperature on average an-
nua Chl a concentration (lower panel) in the control lakes (Mesa
and Lower Desolation Lakes).

a or phosphatase activity in No Good Lake in the first sum-
mer after fish removal (Fig. 5), the only postmanipulation
year in which D. middendorffiana was not abundant.

In contrast to the above results, phytoplankton biomass
responded significantly to the reestablishment of Daphnia in
fishless Square Lake in a manner consistent with the clas-
sical trophic-cascade model (Carpenter et al. 1985). Adjusted
Chl a was consistently and significantly lower in Square
Lake after Daphnia reestablishment (Fig. 6). In essence, Chl
a concentrations in Square Lake changed from being higher
than the controls before Daphnia to being lower than the
controls after Daphnia (Fig. 6). Adjusted Chl a was aso
negatively correlated with Daphnia biomass across al years
in Square Lake (log-log relationship, n = 6, r = —0.75, p
= 0.05). Adjusting the response of the experimental system
for the dynamics in the controls was crucia because water
temperatures and Chl a concentrations increased strongly in
the control lakes (unadjusted Chl a more than doubled be-
tween 1998 and 2000) at the same time that Daphnia was
increasing in Square Lake (Figs. 1, 6).

We observed areduction in adjusted Chl a in Square Lake
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Fig. 2. Biomass dynamics (=1 SE) of the dominant zooplank-
ter, Leptodiaptomus signicauda, in Knob Lake before and after com-
plete fish removal, and in two control lakes (Mesa and Lower Des-
olation Lakes) located in the same drainage basin. Daphnia biomass
in Knob Lake was undetectable until 2002. The bottom panel shows
the dynamics of adjusted L. signicauda biomass, the ratio of bio-
mass in Knob Lake to mean biomass in the control lakes. Panel to
the right indicates that there was no significant difference in mean
adjusted L. signicauda biomass (=1 SE) between fish (1996-1997)
and no-fish (1998-2003) periods in Knob Lake.

(Fig. 6) despite indications that the phytoplankton were less
severely P limited after Daphnia reestablishment. Phospha-
tase activities in Square Lake were about double the levels
in the control lakes before Daphnia reestablishment and de-
creased to levels similar to the controls after Daphnia rees-
tablishment (Fig. 7). In this case, adjusting responses for
control dynamics was not crucial simply because phospha
tase activity showed little interannual variation in the con-
trols.

Changes in the abundance of nonplanktonic consumers
after fish removal constitute a potential confounding factor
that could influence the response of the phytoplankton to fish
manipulation. Previous studies have indicated that intro-
duced trout have major negative impacts on frogs and ben-
thic macroinvertebrates in alpine lakes of the Sierra Nevada
(Bradford et al. 1998; Knapp and Matthews 2000; Knapp et
al. 2001). Thus, it is possible that increases in tadpoles and/
or benthic invertebrates could have resulted in enough of an
increase in P recycling from benthic sources to make up for
the loss of P supply from fish. This might have prevented
both a decrease in phytoplankton biomass and an increase
in P limitation in response to fish removal in Knob and No
Good Lakes. This mechanism cannot account for the lack of
response in Knob Lake (Fig. 3, 4) because (1) no tadpoles
were observed in Knob Lake until 2002, 5 yr after fish re-
moval, and (2) benthic invertebrate biomass did not increase
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Knob Lake.
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in Knob Lake until 2001, 4 yr after fish removal (Fig. 8). In
No Good Lake, no tadpoles were ever observed, but benthic
invertebrate biomass increased substantially in the first year
after fish were removed (mean adjusted biomass. 1999-2000
= 0.13, SD = 0.12; 2001 = 2.29). As aresult, in No Good
Lake, we cannot rule out the possibility that increased rates
of nutrient excretion by benthic invertebrates prevented a
decrease in P availability after fish removal (but see addi-
tional evidence regarding estimates of P excretion by fish,
below). In Square Lake, the declines in adjusted Chl a that
occurred concomitant with the rise of Daphnia persisted
from 1999-2003 (Fig. 6), despite apparent increases in ad-
justed benthic invertebrate biomass after 2000 (Fig. 8).

To complete our assessment of the importance of P re-
cycling by fish in these lakes, we compared estimates of P
excretion by fish in each lake to estimates of the P demand
of the phytoplankton and to estimates of P excretion by the
zooplankton. Estimates of P excretion by fish populations
ranged from a minimum of 7 ug P m=2 d-* in Square Lake
to amaximum of 18 ug P m=2d-*in No Good Lake. Across
al five lakes, P excretion by fish was only 3-10% of the
median P demand of the phytoplankton (Fig. 9), supporting
the general conclusion that P excretion by fish populations
provided only avery small fraction of the phosphate needed
by the phytoplankton to sustain measured productivity rates.
This result can be considered conservative because our
methods probably overestimated fish excretion and under-
estimated phytoplankton demand. Our conservative esti-
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phosphatase activity, the ratio of phosphatase activity in Knob Lake
to mean phosphatase activity in the control lakes. Panel to the right
indicates that there was no significant difference in mean adjusted
phosphatase activity (=1 SE) between fish (1996-1997) and no-fish
(1998-2003) periods in Knob Lake.

0.0

mates of median P excretion by the zooplankton ranged from
215-710 pug P m~2 d~* across the five lakes, values that were
more than order of magnitude higher than P excretion by
fish and seemingly sufficient to meet the P demands of the
phytoplankton (Fig. 9).

Discussion

The delayed response of Daphnia to fish removal in Knob
Lake (Fig. 2) relative to Square Lake (Fig. 6) may have been
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Fig. 5. Mean adjusted Chl a and Chl a—specific phosphatase
activity for fish (1999-2000, =1 SE) and no-fish (2001) years in
No Good Lake.
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fishless Square Lake, and the dynamics of Chl a in two control
lakes (Mesa and Lower Desolation Lakes) located in the same drain-
age basin. The bottom panel shows the dynamics of adjusted Chl
a, the ratio of Chl a in Square Lake to mean Chl a in the control
lakes. Panel to the right indicates that there was a significant change
in mean adjusted Chl a (=1 SE) after Daphnia reestablishment in
Square Lake.

afunction of a smaller egg bank in Knob Lake (Sarnelle and
Knapp 2004). Regardless of the cause, the difference in
Daphnia response among the experimental lakes enabled a
comparison of the effects of nutrient recycling by fish and
grazing by Daphnia at the whole-lake scale. The lack of
phytoplankton response to fish removal in both Knob and
No Good Lakes in the absence of increases in zooplankton
grazing, coupled with the negative response of both Chl a
and phosphatase activity to the reestablishment of Daphnia
in Square Lake (Figs. 6, 7), suggest that Daphnia’s ability
to influence phytoplankton biomass and alleviate phyto-
plankton P limitation was considerably stronger than that of
fish in these lakes. This conclusion must be tempered by the
fact that there was high variance in both response variables
during the 2-yr premanipulation period in Knob Lake (Figs.
3, 4). Thus, it is important to aso examine the specific dy-
namics of Chl a and phosphatase activity in Knob Lake to
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justed phosphatase activity, the ratio of phosphatase activity in
Square L ake to mean phosphatase activity in the control lakes. Panel
to the right indicates that there was a significant change in mean
adjusted phosphatase activity (=1 SE) after Daphnia reestablish-
ment in Square Lake.

assess whether high premanipulation variance could be re-
sponsible for the apparent lack of response to fish removal
in thislake. It is reasonable to expect that the complete elim-
ination of a major source of P (e.g., fish excretion) would
cause an immediate (i.e., during the next growth season)
increase in P deficiency and decrease in phytoplankton bio-
mass. Instead, phosphatase activity declined dightly in the
first summer after fish removal in Knob Lake (Fig. 4). Like-
wise, there was a 75% increase in adjusted Chl a, as well
as essentially no change in unadjusted Chl a, in the first
summer after fish removal (Fig. 3). These results provide no
indication that the complete loss of P supply from fish ex-
cretion had an impact on the phytoplankton. This conclusion
is further supported by estimates of P excretion by each fish
population (7 and 18 wg P m~3 d-*), which were only asmall
fraction of phytoplankton P demand and zooplankton excre-
tion (Fig. 9).

We found no evidence for effects of P recycling by fish
on phytoplankton biomass or P limitation despite several
factors that predispose our experiment toward finding an ef-
fect of the complete loss of P excretion by fish. First, the
study lakes are all low in P (Table 1) and have high light
penetration, so phytoplankton growth should be highly sen-
sitive to changes in P supply (Sterner et al. 1997). Second,
zooplanktivorous fish abundance was not low in the fish-
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removal lakes at the initiation of the manipulation relative
to similar apine lakes in the Sierra Nevada (Schindler et al.
2001). Fish biomass was 0.10 kg km~2 in Knob Lake and
0.19 kg km=2in No Good Lake at the time of fish removal.
These values are somewhat lower than what would be pre-
dicted for temperate lakes with the same TP concentrations
(0.20-0.26 kg km=2) (Hanson and Leggett 1981), but even
in the unlikely case that alpine lakes can support the same
fish biomass as temperate lakes at the same nutrient levels,
excretion by such higher fish stocks (18-23 ug P m=3 d-2,
using the equation in Schindler et a. 2001) would still not
constitute a substantial fraction of the P demand of the phy-
toplankton in these lakes (Fig. 9). Zooplanktivorous fish
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Fig. 9. Distributions of phytoplankton P demand (box plots),
median P excretion estimates for zooplankton assemblages (trian-
gles), and P excretion estimates for fish populations (circles, =1
SE) in each lake. Boxes delineate upper and lower quartiles of the
P demand data, bars within the boxes are medians, and bars ex-
tending above and below the boxes are maxima and minima. Stan-
dard errors of fish excretion estimates are within the symbols. Num-
bers below triangles denote actual estimates of zooplankton P
excretion for Square and Knob Lakes.

abundance in these lakes was also high enough to cause the
complete extinction of large zooplankton species after fish
stocking (Sarnelle and Knapp 2004). Third, during fish re-
movals we prevented the experimental lakes from being fer-
tilized with P, via the decomposition of fish carcasses, which
might have muted any increases in P limitation. Fourth, the
fish in these lakes feed primarily on benthic and terrestrial
invertebrates (Schindler et a. 2001) when large zooplankton
have been completely eliminated, so a large fraction of the
P they recycleisin the form of ““new” P from nonplanktonic
sources (note that in Sierra Nevada lakes deeper than 8 m
and with low fish densities, in which introduced trout and
large zooplankton sometimes coexist, trout are zooplankti-
vorous/benthivorous) (Schindler et al. 2001). This again
should make it more likely to find effects of fish recycling
on the phytoplankton (Carpenter et al. 1992; Schindler et al.
2001). Despite these factors, we observed little or no effect
of P recycling by fish on phytoplankton biomass or P limi-
tation.

A strong reduction in Chl a after the reappearance of
Daphnia in Square Lake (Fig. 6) was somewhat surprising
given that Daphnia effects on phytoplankton biomass tend
to be relatively small in low-productivity lakes (Sarnelle
1992). This appears to be the first experimenta evidence at
the whole-lake scale of a cascading effect of fish manipu-
lation on phytoplankton biomass in apine lakes. In support
of this conclusion, estimates of mortality rates inflicted on
the phytoplankton by zooplankton grazing in Square Lake
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(sum of L. signicauda and D. middendorffiana grazing, mean
= 0.47 d1) were comparable to estimates of phytoplankton
specific growth rate (mean = 0.56 d-'). There was no sig-
nificant increase in zooplankton grazing after Daphnia re-
appearance (mean = 0.40 d—* before Daphnia, mean = 0.50
d-* after Daphnia), leading us to suspect that Daphnia’s abil-
ity to consume a wider range of particles may have been the
primary mechanism leading to the reduction in total phyto-
plankton biomass.

A decrease in the severity of P limitation after Daphnia
reestablishment in Square Lake (Fig. 7) was also somewhat
surprising, in light of species-specific stoichiometry of nu-
trient recycling by zooplankton, and the fact that Daphnia
replaced Leptodiaptomus as the dominant herbivore (Fig. 6).
Stoichiometric considerations would suggest that replace-
ment of a diaptomid copepod, which should have arelatively
low need for B, by Daphnia, which has arelatively high need
for P (Hessen and Lyche 1991), would lead to relatively less
P excretion by the zooplankton (all else being equal), and
so greater P deficiency in the phytoplankton, after Daphnia
reestablishment (Brett et al. 1994). However, we note that
the literature is equivocal as to whether cladocerans have
significantly lower mass-specific P excretion rates than do
copepods (Carrillo et al. 1996), and that zooplankton bio-
mass was higher after Daphnia reestablishment (mean total
biomass: 0.24 mg L-* before Daphnia, 0.54 mg L-* after
Daphnia) in Square Lake, although this difference was not
statistically significant (p > 0.18). We suggest that reduced
phytoplankton P limitation after Daphnia reestablishment in
Square Lake may have resulted from little net change in P
recycling by zooplankton coupled with reduced demand by
phytoplankton (Fig. 6) and perhaps bacteria. We did not
measure the latter, but it is well-known that Daphnia are
much more efficient consumers of bacteria than are diapto-
mid copepods (Sterner 1989), so a decline in bacteria bio-
mass after Daphnia reestablishment is possible (Zdllner et
al. 2003).

Our aim was to test the hypothesis that recycling by zoo-
planktivorous fish is a major factor, relative to zooplankton
grazing, influencing total phytoplankton biomass in trophic
cascade experiments. We do not claim that fish recycling is
negligible under all circumstances. We explicitly compared
fish recycling effects to the effects of Daphnia grazing be-
cause changes in Daphnia are considered to be a prerequisite
for strong trophic cascades (Leibold 1989). In systems that
lack Daphnia, the effect of zooplankton grazing may be
small or nonexistent, such that a small effect of fish recy-
cling may appear large by comparison. We were unable to
statistically demonstrate any effect of fish recycling (in con-
trast to significant effects of Daphnia), but smaller-scale ex-
periments are more likely to reveal effects of small magni-
tude given lower residual error and greater replication
(Schindler 1992; Vanni and Layne 1997; Attayde and Hans-
son 2001). In addition, recycling by fish that feed on benthic
detritus has the potential to supply much larger amounts of
nutrients to the phytoplankton relative to carnivorous fish,
via either direct excretion or disturbance of the sediment
(Brabrand et al. 1990; Schaus and Vanni 2000), because such
fish feed at a lower trophic level in addition to being a con-
duit for the transfer of nutrients from the benthic zone to the
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pelagic zone. We also recognize that there may be subtle
effects of fish recycling on phytoplankton species composi-
tion (Schindler 1992; Vanni and Layne 1997; Attayde and
Hansson 2001) that were beyond the scope of the present
study. The trophic cascade, however, is typically defined in
terms of effects on the total biomass of primary producers,
the currency that we employed.

We recognize that whole-lake experiments have limita-
tions, most notably with respect to the strength of inferences
that can be made based on observations before and after
manipulation (Carpenter 1990). We presented the results of
Statistical tests to provide a basis for judging whether changes
subsequent to fish removal or Daphnia reestablishment (rel-
ative to controls) were large compared with typical inter-
annual variation. That is, we asked whether the changes we
observed were likely to be larger than were those expected
by chance alone. These tests are subject to well-known lim-
itations (Schmitt and Osenberg 1996) and, consequently,
should be viewed only as part of the evidence underlying
our inferences about the relative importance of P excretion
by fish versus Daphnia grazing. Our conclusion that the phy-
toplankton were not appreciably influenced by the complete
loss of P excretion from fish is based on multiple lines of
evidence: (1) in Knob and No Good Lakes, there was no
significant change in Chl a and phosphatase activity in re-
sponse to complete fish removal (Figs. 3-5); (2) in Knob
Lake, the timing of changes in benthic consumers indicated
that increased recycling by the benthos was not compensat-
ing for the loss of P supply from fish in the first 3 yr after
manipulation (Fig. 8); and (3) estimates of P excretion by
fish were small relative to the P demands of the phytoplank-
ton and P excretion by zooplankton (Fig. 9). Our results are
congruent with some studies that compare P recycling by
zooplanktivorous fish to phytoplankton demand or other
sources of P supply (Kitchell et a. 1975; Nakashima and
Leggett 1980; Boers et a. 1991), and provide more definitive
answers to the questions posed by Schindler et a. (2001)
about the role of nutrient recycling by fish in apine lakes.
In contrast, our conclusions are at odds with the results of
several enclosure experiments (Schindler 1992; Vanni and
Layne 1997; Attayde and Hansson 2001). The latter disparity
may stem from differences in the magnitude of fish excretion
across lakes, but the possibility also exists that the disparity
is a consequence of differences in experimental scale or
methodology. The present study provides the only experi-
mental assessment of the effects of P excretion by fish at the
whole-lake scale.
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